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This paper reviews methods for testing the toxicity of metals associated with freshwater sediments, link-
ing toxic effects with metal exposure and bioavailability, and developing sediment quality guidelines. The
most broadly applicable approach for characterizing metal toxicity is whole-sediment toxicity testing,
which attempts to simulate natural exposure conditions in the laboratory. Standard methods for
whole-sediment testing can be adapted to test a wide variety of taxa. Chronic sediment tests that char-
acterize effects on multiple endpoints (e.g., survival, growth, and reproduction) can be highly sensitive
indicators of adverse effects on resident invertebrate taxa. Methods for testing of aqueous phases (pore
water, overlying water, or elutriates) are used less frequently. Analysis of sediment toxicity data focuses
on statistical comparisons between responses in sediments from the study area and responses in one or
more uncontaminated reference sediments. For large or complex study areas, a greater number of refer-
ence sediments is recommended to reliably define the normal range of responses in uncontaminated sed-
iments – the ‘reference envelope’. Data on metal concentrations and effects on test organisms across a
gradient of contamination may allow development of concentration-response models, which estimate
metal concentrations associated with specified levels of toxic effects (e.g. 20% effect concentration or
EC20). Comparisons of toxic effects in laboratory tests with measures of impacts on resident benthic
invertebrate communities can help document causal relationships between metal contamination and
biological effects. Total or total-recoverable metal concentrations in sediments are the most common
measure of metal contamination in sediments, but metal concentrations in labile sediment fractions
(e.g., determined as part of selective sediment extraction protocols) may better represent metal bioavail-
ability. Metals released by the weak-acid extraction of acid-volatile sulfide (AVS), termed simulta-
neously-extracted metals (SEM), are widely used to estimate the ‘potentially-bioavailable’ fraction of
metals that is not bound to sulfides (i.e., SEM-AVS). Metal concentrations in pore water are widely con-
sidered to be direct measures of metal bioavailability, and predictions of toxicity based on pore-water
metal concentrations may be further improved by modeling interactions of metals with other pore-water
constituents using Biotic Ligand Models. Data from sediment toxicity tests and metal analyses has pro-
vided the basis for development of sediment quality guidelines, which estimate thresholds for toxicity
of metals in sediments. Empirical guidelines such as Probable Effects Concentrations or (PECs) are based
on associations between sediment metal concentrations and occurrence of toxic effects in large datasets.
PECs do not model bioavailable metals, but they can be used to estimate the toxicity of metal mixtures
using by calculation of probable effect quotients (PEQ = sediment metal concentration/PEC). In contrast,
mechanistic guidelines, such as Equilibrium Partitioning Sediment Benchmarks (ESBs) attempt to predict
both bioavailability and mixture toxicity. Application of these simple bioavailability models requires
more extensive chemical characterization of sediments or pore water, compared to empirical guidelines,
but may provide more reliable estimates of metal toxicity across a wide range of sediment types.
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1. Introduction

In receiving waters with circumneutral pH, cationic metals
derived from mining, ore processing, and smelting activities tend
to have low solubility and strong affinity for solid phases. These
properties lead to loss of metals from the aqueous phase via pre-
cipitation and sorption, thereby reducing metal toxicity to fish
and other aquatic organisms in the water column. However, metals
associated with precipitates and suspended particles may accumu-
late to high concentrations in bed sediments, leading to elevated
metal exposure and potential toxic effects on benthic organisms,
principally benthic macroinvertebrates. Toxic effects of metal-
contaminated sediments on benthic (sediment-dwelling) inverte-
brates can result in reduced invertebrate productivity and/or loss
of metal-sensitive taxa (e.g., Canfield et al., 1994). In addition,
accumulation of high levels of metals in metal-tolerant inverte-
brates may pose risks of dietary toxicity to fish or other predators
(Cain et al., 2004). Because these effects of metal-contaminated
sediments on biota may extend far downstream of metal sources,
characterizing the severity and areal extent of the effects can be
an important component of regulatory monitoring, site assess-
ments, and ecological restoration. Field studies of impacts on ben-
thic communities can document these impacts, but they often
cannot establish causal relationships between metal exposure
(via water, diet, and sediment) and observed community impacts.
In contrast, controlled toxicity and bioaccumulation studies
conducted in the laboratory can provide unambiguous evidence
linking metal exposure with adverse effects on benthic organisms.

Sediment toxicity tests can provide scientific evidence for the
occurrence of adverse effects on benthic organisms to meet regula-
tory and legal requirements and to support management decisions.
In the U.S., sediment toxicity testing is often used to characterize
metal exposure and effects at contaminated sites under the CER-
CLA (Superfund) program and to document injury to aquatic
resources under the Natural Resource Damage Assessment and
Remediation (NRDAR) program. Sediment toxicity testing may also
be required by regulations intended to prevent ecological effects
from effluents from mining or ore-processing facilities or from
dredging and disposal of contaminated sediments in navigable
waterways. Toxicity testing of sediments – both contaminated sed-
iments collected in the field and sediments spiked with metals in
the laboratory – is also an essential part of the process of deriving
and validating sediment quality guidelines (e.g., MacDonald et al.,
2000; USEPA, 2005; Vangheluwe et al., 2013).
The objective of this paper is to review methodologies for (1)
testing the toxicity of metals associated with freshwater sedi-
ments, (2) characterizing associations of toxicity with measures
of metal bioavailability; and (3) using these associations as the
basis for sediment quality guidelines. Discussion of these topics
will be supported by examples of laboratory and field studies of
sediment toxicity in areas affected by past and present mining,
ore-processing, and smelting activities.
2. Sediment toxicity testing

2.1. Types of test methods

Whole-sediment testing is the most widely-used and versatile
approach for characterizing the bioavailability and toxicity of sed-
iment-associated contaminants.

Standard methods for whole-sediment toxicity testing have
been published by ASTM (2010a), USEPA (2000), and OECD
(2004, 2007). Testing of whole sediment (solid-phase plus pore
water) is intended to provide a relatively complete and realistic
simulation of the exposure regime experienced by benthic organ-
isms inhabiting surficial sediments. In contrast, ‘whole-sediment’
tests with water column organisms (e.g., the cladocerans, Daphnia
magna and Ceriodaphnia dubia; ASTM, 2010a) primarily reflect
exposure to contaminants in overlying water.

Whole sediment tests are usually conducted with composites of
multiple grab samples of surficial sediments, although tests can
also be conducted with intact sediment cores (or core sections)
or with fine sediment fractions separated from a matrix of coarse
substrata. Core sampling allows toxicity testing and chemical anal-
yses of sediment from defined depth strata (e.g. Besser et al., 1996;
Ingersoll et al., 2002), but requires substantially greater sampling
effort. Sampling in locations where coarse sediments make up a
large or variable proportion of bed sediments may require wet
sieving with site water (e.g., sieving to <2 mm particle diameter)
to ensure collection of a more homogeneous fine sediment fraction,
which is more compatible with toxicity test methods and which
tends to contain greater concentrations of biologically-available
metals (Besser et al., 2009a). For testing with some small inverte-
brates, further sieving may be necessary to obtain fine sediments
for testing (e.g., sieving to <0.25 mm for testing with juvenile mus-
sels; Ingersoll et al., 2008). Although both sampling and sieving
inevitably disrupts equilibria between sediments and pore water,
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the impact of these changes can be reduced by using site water for
sieving and by allowing sieved sediments to re-equilibrate in test
chambers for at least a week before testing.

Whole-sediment toxicity tests can be conducted with water col-
lected from the site of sediment collection (e.g., Besser and Leib,
2007), but tests are usually conducted with well-characterized
uncontaminated test waters, in order to focus on metal exposure
via sediment and pore water. Test waters may be well water, fil-
tered pond water, diluted or fortified waters, or formulated (recon-
stituted) water prepared by adding salts to de-ionized water (e.g.,
USEPA, 2000; ASTM et al., 2010b). It may be desirable to select or
modify the characteristics of test waters (e.g., pH, conductivity/
salinity, hardness, and pH/alkalinity) to be similar to water quality
at the sediment collection site. An important consideration for
whole-sediment tests is the volume and/or replacement rate of
overlying water during tests. Dilution or flushing of dissolved con-
stituents in overlying water is usually necessary to maintain
desired ranges of water quality (e.g., pH, dissolved oxygen), to
remove potentially toxic metabolic wastes (e.g., ammonia), and
to avoid accumulation of unrealistic concentrations of metals. In
static tests (i.e., with no replacement of overlying water, these
issues may be adequately addressed by increasing the water:sedi-
ment ratio (e.g., Borgmann et al., 2001), but most laboratories
maintain overlying water quality by conducting tests with manual
or automated replacement of overlying water (e.g., Zumwalt et al.,
1994). Water-replacement test systems may use a proportional
diluter (designed for water-only toxicity tests) to deliver test
water, which is split equally among replicate exposure chambers
(e.g. Supplemental Fig. S1). Standard test methods recommend
minimum rates of replacement of overlying water (e.g. 2 volume-
additions/day) (USEPA, 2000; ASTM, 2010a), but higher rates may
be necessary to maintain overlying water quality (e.g.,
Brumbaugh et al., 2013).

Toxicity tests conducted with pore water isolated from
sediment can complement whole-sediment testing. Methods for
pore-water testing are typically based on standard methods for
acute water-only toxicity testing (ASTM et al., 2010b) or for efflu-
ent toxicity testing (USEPA, 2002). Pore-water testing requires iso-
lation of large volumes of pore water, either in the field or the
laboratory, using methods such as push-point sampling, pres-
sure/squeezing, or centrifugation (USEPA, 2001; ASTM et al.,
2010c). Results of pore-water toxicity tests are of interest because
exposure to pore-water metals is considered to be a dominant
route of metal exposure for sediment-dwelling organisms
(Ankley et al., 1996). Another desirable aspect of pore-water test-
ing is the ability to conduct tests with organisms that live in the
water column (e.g., planktonic invertebrates and fish), which
may have extensive records of aquatic toxicity data and may be
highly sensitive to metal toxicity. However, results of pore-water
tests cannot be considered equivalent to evidence of the toxicity
of whole sediment, due to the physicochemical changes that occur
in pore waters that are no longer in contact with metal-rich sedi-
ment particles.

Elutriate testing is a specialized method that characterizes the
potential for release of toxic substances from resuspended sedi-
ments. Elutriate tests are conducted with water-column organisms
in the aqueous fraction of a water:sediment suspension (USEPA
and USACE, 1998; ASTM et al., 2010c) and are intended to simulate
toxic effects in the water-column, not in intact sediments. Elutriate
testing is most commonly used for assessment of environmental
effects of dredging for navigation, but the method can also be
applied to dredging for remediation of contaminated sites or to
simulate resuspension of sediments during high-flow events.
Aqueous-phase tests can be conducted with solutions prepared
by leaching of mine wastes, which can be used to evaluate the
potential for release of bioavailable metals (e.g. Smith et al.,
2000). The toxicity of the aqueous phase of a sediment-water sus-
pension can also be tested using the luminescent bacterium, Vibrio
fischeri, (Microtox� Strategic Diagnostics, Inc., Newark, DE, USA)
(Environment Canada, 2002). This test is amenable for rapid (10-
min) toxicity screening of large numbers of soil or sediment sam-
ples, but it is not highly sensitive to metal toxicity nor predictive
of toxicity in invertebrates or vertebrates (e.g., Kemble et al., 1994).

More specialized methods are required to document causal
relationships between metals and sediment toxicity, or to estimate
the concentrations of individual metals required to cause toxicity.
Toxicity Identification Evaluation methods (TIE; USEPA, 2007a)
document toxicity caused by metals relative to other classes of
contaminants by a series of manipulations intended to selectively
remove or neutralize their toxic action. TIE procedures developed
for surface water – which can be applied to pore water – selectively
remove the toxicity of cationic metals by using pH manipulation
and complexing agents such as EDTA or sodium thiosulfate
(Hockett and Mount, 1996). USEPA (2007a) has also published
guidance for TIE procedures that can be used to manipulate metal
toxicity in whole sediments (e.g. by addition of cation exchange
resins, AVS, or base metals).

Sediment spiking studies seek to quantify toxic effects of known
metal additions (ASTM, 2010a; USEPA, 2001). In principle, the tox-
icity of sediments spiked with known concentrations of a metal or
metal mixture (added as highly-dissociable salts that allow the
metal cations to interact with sediment binding sites) can provide
a basis for estimating the contribution of metal(s) to toxicity of
sediments collected in the field (e.g., Milani et al., 2003) or for
establishing sediment quality guidelines for individual metals
(Besser et al., 2013; Vangheluwe et al., 2013). The environmental
realism of toxicity tests with metal-spiked sediments depends on
many factors, including the metal-binding characteristics of the
sediment(s), the methods used to avoid artifacts of metal spiking
(e.g., pH control), and the duration of the post-spiking equilibration
period (Brumbaugh et al., 2013; Hutchins et al., 2007, 2008).

2.2. Test organisms

Selection of appropriate test organisms is an important consid-
eration in sediment toxicity testing. ASTM (2010a) and USEPA
(2000) identified factors relevant to selection of standard sediment
test organisms, including physiological characteristics (sensitivity
to contaminants, tolerance to a range of sediment characteristics),
ecological relevance (geographic distribution, degree of contact
with sediment, representativeness of local/regional benthic com-
munities), and practical considerations (amenability to laboratory
culture, performance in inter-laboratory comparisons). Relatively
few freshwater invertebrates met enough of these criteria to
become standard sediment test organisms, most notably the
amphipod, Hyalella azteca (Crustacea) and two species of midges
(Diptera), Chironomus dilutus (formerly C. tentans) and Chironomus
riparius (ASTM, 2010a; USEPA, 2000; OECD, 2004) (Supplemental
Fig. S2). These species are readily available from ecotoxicology
laboratories or aquaculture supply houses, and self-sustaining cul-
tures are relatively easy to maintain. These three species have been
used for a large proportion of whole-sediment toxicity tests con-
ducted in North America in the past two decades, including numer-
ous tests with metal-contaminated sediments from mining areas
(e.g., Ingersoll et al., 1996, 2002; Besser et al., 2008; Seal et al.,
2010). Each of these standard test organisms have been shown to
respond reliably in sediments with a wide range of contaminant
types and physicochemical characteristics. Although Hyalella is
generally more sensitive to metal toxicity than Chironomus (e.g.,
Phipps et al., 1995; Besser et al., 2013) midge larvae have proved
to be equally sensitive or more sensitive to particular metals or
metal mixtures (e.g., Besser et al., 2008; Seal et al., 2010). Because
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differences in sensitivity to a particular metal mixture among taxa
and among sediment types are usually not predicable (without evi-
dence from previous studies), most sediment toxicity studies
should include tests with at least two unrelated taxa to increase
the likelihood of detecting meaningful differences among sites.

Depending on the nature of the study area and study objectives,
it may be desirable to conduct sediment toxicity tests with a
broader range of test organisms (Supplemental Fig. S2). Recent
sediment toxicity tests with eight species of benthic invertebrates
spiked with nickel demonstrated a wide range of sensitivity among
species (Fig. 1; Besser et al., 2013). Testing with alternative test
species can provide valuable toxicity information for taxa that
are ecologically important, that occur locally, or that are of special
conservation concern. ASTM (2010a) presents guidance for con-
ducting toxicity tests with several alternative invertebrate species.
The oligochaete worms, Lumbriculus variegatus and Tubifex tubifex,
represent a group that often dominates invertebrate communities
in fine, organic-rich sediments. Sediment testing has also been
conducted with amphipods other than Hyalella, including both
widespread taxa (e.g., Gammarus spp.) and taxa of regional impor-
tance (e.g., Diporeia spp. in the Great Lakes; Giesy and Hoke, 1989;
Burton et al., 1996). The burrowing mayflies of the genus Hexagenia
represents a taxonomic group (Ephemeroptera) that is highly
responsive to degradation of water and sediment quality (Giesy
et al., 1990; Cain et al., 2004). Guidance for standardized sediment
testing has not yet been published for freshwater mussels (Uniono-
ida), a group with a high percentage of species that are endangered
or threatened (Williams et al., 1993). However, guidance is
available for conducting water-only toxicity tests with mussels
(ASTM et al., 2010d), and recent studies have shown that juvenile
fatmucket mussels (Lampsilis siliquoidea) are adversely affected by
exposure to fine sediments from lead- and zinc-mining districts in
Missouri (Ingersoll et al., 2008). Toxicity tests with sediments from
the Big River in Missouri’s Old Lead Belt demonstrated toxic effects
on juvenile mussels in sediments collected downstream of the
mining area, consistent with elevated metal concentrations and
Nickel EC20 (20% effect concentration), mg/kg
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Fig. 1. Sensitivity of benthic invertebrate species to nickel-spiked sediments.
Distributions of 20% effect concentrations (EC20s) for nickel toxicity to eight species
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Fig. 2. Toxicity of sediment and pore waters from the Viburnum Trend mining
district, MO: (a) whole-sediment tests with Hyalella; (b) pore-water tests with
Ceriodaphnia. Bars are means (with standard errors); hatched bars are reference
sites. Asterisks indicates significant difference from reference (or control for
Ceriodaphnia) (Besser et al., 2009a).
greatest impacts on a wild mussel community that includes endan-
gered species (Besser et al., 2009b).

Selection of test organisms for pore-water toxicity tests has
been based primarily on known sensitivity to contaminants and
limitations of testing with small sample volumes. The most com-
mon pore-water test organisms are cladocerans (‘‘water fleas’’),
especially Ceriodaphnia dubia. Ceriodaphnia tests are attractive
because a full life cycle test can be conducted with a small volume
(approx. 1 L) of pore water in about 1 week, using a standard
method developed for effluent toxicity testing (USEPA, 2002).
Although Ceriodaphnia is sensitive to toxicity of metals, interpreta-
tion of pore water tests with water-column organism may be diffi-
cult because they may not tolerate elevated levels of constituents
such as iron, manganese, and ammonia that occur frequently in
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Fig. 3. Toxicity of sediments and pore waters from streams draining the Palmerton
zinc smelter site, PA, to Hyalella: (a) sediment tests; (b) pore-water tests. Bars are
means (with standard errors); hatched bars are reference sites on Aquashicola
Creek (AC) and Lehigh River (LR). Asterisk = significant difference from reference
(Besser et al., 2010).
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pore water and may be tolerated by sediment-dwelling taxa. For
example, a study of sediments and pore water from streams of
the Viburnum Trend mining district found limited toxicity to Hyal-
ella in whole-sediment tests, but severe toxicity of pore water to
Ceriodaphnia at many sites (Besser et al., 2009a; Fig. 2). Although
the greater response of Ceriodaphnia to pore waters from mining-
impacted sites was consistent with its greater sensitivity to metals,
this response was confounded by toxicity at one or more sites with
no known mining impacts, possibly due to ammonia toxicity.
Another standard effluent test method, a 7-day exposure with lar-
val fathead minnows (Pimephales promelas; USEPA, 2002) is rarely
used for pore-water testing because it requires greater volumes of
pore water. Other fish taxa that have eggs and larvae that occur in
benthic habitats (e.g., trout, sculpins, and sturgeon) may be appro-
priate test species for pore-water or sediment toxicity testing.
Some benthic taxa used for whole-sediment testing are also
adaptable to pore-water testing. Hyalella performs well in water-
only tests if it is provided with an inert substratum such as silica
sand or nylon mesh. Thus, toxic effects on Hyalella can be directly
compared between whole-sediment tests and pore-water (or
surface-water) tests. In a recent study of streams draining a zinc
smelter site in Palmerton, Pennsylvania (Besser et al., 2010), toxic-
ity to Hyalella was greater in tests with pore water (and stream
water; data not shown), compared to whole-sediment tests
(Fig. 3), suggesting that impacts on benthic communities at this
site were caused primarily by dissolved metals entering the stream
via contaminated ground water, rather than by metal-contami-
nated sediments.

2.3. Acute and chronic tests and endpoints

Sediment and pore-water toxicity tests can vary in duration and
complexity, depending on study objectives and resources. Acute
(short-term) tests typically rely on the endpoint of lethality and
are most useful for screening large numbers of samples. Acute
lethality tests with pore-water or elutriates typically last 2–4 days
and lethality is the endpoint most commonly reported in 10-d
whole-sediment tests (Ingersoll et al., 1998; USEPA, 2000; ASTM,
2010a). Chronic (long-term) sediment toxicity tests, which typi-
cally last 4 weeks or longer, allow measurement of one or more
sublethal endpoints, which are often much more sensitive than
survival (Ingersoll et al., 1998). Growth in length or weight is often
a sensitive endpoint that can reflect biochemical and physiological
stresses and/or behavioral changes (e.g., avoidance or reduced
feeding) caused by toxic substances. Total biomass of survivors
from replicate groups (e.g., total ash-free dry weight) tends to be
a sensitive endpoint because it integrates effects on both survival
and growth, and it serves as a surrogate for biomass production
by invertebrate populations in the field.

Reproduction is often a highly-sensitive endpoint, but repro-
duction tests require longer and more complex test protocols and
labor-intensive sample processing. Sublethal endpoints tend to
have greater variability than lethality (Ingersoll et al., 1998), due
to such factors as differences in sex ratio of test organisms (may
influence reproduction); differences in organic matter content or
nutrient richness (may influence growth and reproduction); and
measurement error during weighing of low-mass samples. For
example, Hyalella reproduction showed both greater sensitivity
and greater variation, compared to survival, in sediments from
Missouri’s Viburnum Trend mining district (Besser et al., 2009a).
Interpretation of reproduction data was hindered by variation
between sediment types (river vs. reservoir), variation among sites
within each sediment type (including variation among uncontam-
inated reference sites), and variation among experimental
replicates.

USEPA (2000) and ASTM et al. (2010e) developed a method for a
chronic whole sediment bioaccumulation test with Lumbriculus, a
species that can typically survive exposure to high concentrations
of metals and other contaminants. The bioaccumulation endpoint
does not provide direct evidence of toxicity, but it can provide
information about metal bioavailability and potential toxicity of
metal-contaminated invertebrate diets to fish or other predators
(e.g., Woodward et al., 1995; Mount et al., 2006).

2.4. Control and reference sediments

Characterizing the occurrence and severity of sediment toxicity
requires comparing responses of test organisms in sediments from
a study area (test sediments) to responses in uncontaminated
sediments – either control or reference sediments – that have com-
parable physicochemical characteristics. Control sediments are
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uncontaminated sediments that have been extensively character-
ized and are known to provide an adequate substratum for test
organisms. They may be field-collected aquatic sediments, wetted
soils, or formulated sediments prepared in the laboratory from
commercially-available components. Control sediments are rarely
used for statistical comparisons with test sediments because of
the difficulty of matching physicochemical characteristics test
sediments. Control sediments are typically used to document ade-
quate performance (survival, growth) of a particular batch of test
organisms in the chosen exposure system, based on specifications
of standard methods (e.g., USEPA, 2000; ASTM, 2010a) or labora-
tory control charts. Reference sediments are field-collected
sediments – ideally collected from multiple sites in or near the
study area – that are documented to be substantially free of the
contaminants of interest and that closely reflect the range of
characteristics of sediments (e.g., particle size, organic matter,
mineralogy) and study sites (e.g., water quality, stream order,
nutrient enrichment) from the study area. The performance of test
organisms in one or more reference sediments typically provides
the basis for determining whether test responses represent toxic
effects (i.e., fall below the normal range for uncontaminated sedi-
ments in the study area). The range of responses in reference sites
is sometimes termed the ‘reference envelope’ (e.g., Hunt et al.,
2001). In a simple field study, such as a small, homogeneous drain-
age with known contaminant sources, a single upstream reference
site may be adequate. In a study of the Ely Mine site in Vermont
(Seal et al., 2010), where metal contamination from a localized
source entered a small headwater stream, then flowed into a larger
stream and a small river, the toxicity of test sediments from each
stream segment was determined by comparisons to a single
upstream reference site in each stream segment (Fig. 4). This sim-
ple sampling design allowed us to document attenuation of con-
taminant impacts despite downstream changes in sediment and
stream characteristics. For larger and more complex study areas,
multiple reference sites are needed to adequately define a refer-
ence envelope. In the Old Lead Belt study (Besser et al., 2009b),
where metal contamination was dispersed from headwaters to
mouth along a 162-km reach of the Big River, multiple reference
sites were selected in the Big River and nearby drainages to
represent the range of stream gradient, particle size, and nutrient
richness in the Big River study sites. A similar approach was taken
in the Viburnum Trend study (Besser et al., 2009a), where three
reference sites were selected to represent headwater, mid-river,
and reservoir study sites within the Black River watershed. Both
studies demonstrated variation of test endpoints among reference
sites, which was more pronounced for growth and reproduction
than for survival. Larger, more complex studies typically require
larger numbers of reference sites to adequately define the refer-
ence envelope. A study of the toxicity of sediments from the
Tri-State (Missouri/Kansas/Oklahoma) mining district included 15
reference sites, more than 20% of the total number of sites studied
(Ingersoll et al., 2008).

2.5. Analysis of toxicity data

Statistical approaches for comparisons with control or reference
sediments vary depending on the complexity of the study design
and the objectives of the study. Conventional statistical analyses
of data from toxicity tests with field-collected sediments (USEPA,
2000; ASTM, 2010a) rely on analysis of variance, combined with
pairwise comparisons of means between test sites and means from
a single reference or control sample (e.g., Dunnett’s test) or multi-
ple comparisons of means among study and reference sites (e.g.,
Tukey’s test). In studies with large numbers of reference samples,
study sites may be designated as toxic if they fall below a specified
quantile of the distribution of responses in the reference samples
(e.g., the 10th percentile; Hunt et al., 2001; Ingersoll et al., 2008).
In the Big River study (Besser et al., 2009b), which had only four
reference sites, all sample means below the range of reference
means were designated as toxic.

For some sediment tests, responses of test organisms can be fur-
ther analyzed using concentration-response models, which can
characterize the responses of toxicity endpoints to a gradient of
chemical concentrations. For the survival/lethality endpoint, which
follows a binomial distribution (i.e., live or dead), the classic
approach is to fit the data to a log-normal probability distribution.
Variables that follow continuous distributions, including most sub-
lethal endpoints, are typically analyzed by non-linear regression
(e.g., logistic regression). Concentration-response models use
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information from the full range of toxic responses to level of chem-
ical exposure associated with a specified increment toxic effect,
such as the median lethal concentration or LC50 (concentration
causing 50% mortality) or the 20% effect concentration or EC20.
These models are often used to characterize effects of a single
chemical in water or in spiked sediments (e.g., Fig. 5), but they
can also be used to characterize toxicity along a gradient of metal
contamination in field-collected sediments, provided sediment
characteristics and the mixture of metals present are similar
among sites. In such cases, models based on concentrations of a
predominant toxic metal or on an index of toxicity hazards for
the metal mixture (discussed below), may allow estimation of
site-specific thresholds for toxicity of metals in sediment or pore
water (e.g., MacDonald et al., 2009).
Comparisons of toxicity data, chemistry data, and data from
field surveys of benthic communities in the field, sometimes called
the ‘sediment quality triad’ (e.g., Canfield et al., 1994), provide a
greater weight of evidence that can document causal relationships
between chemical contamination and biological effects. Collection
and analysis of benthic community data can be expensive and
time-consuming and community responses can be highly variable
– often due to influences other than current levels of sediment con-
tamination, such as alteration of physical habitat or historical
impacts (e.g., slow re-colonization). Despite these limitations,
recent studies in the Vermont Copper Belt (Seal et al., 2010) and
the Old Lead Belt (Besser et al., 2009b) showed strong associations
between laboratory toxicity data and field data on invertebrate
community characteristics (Fig. 6a and b). Both of these studies
found consistent, severe impacts on invertebrate taxa richness at
sites with sediments that were toxic in laboratory tests. In both
examples, taxa richness varied widely at sites where sediments
exhibited little or no toxicity, suggesting that some impacts occur-
ring in the field may not be adequately reflected in laboratory tests.
For example, low taxa richness of mussels at sites with little or no
sediment toxicity (Fig. 6b) may reflect long-term toxic effects on
these long-lived organisms that are not evident during 28-day lab-
oratory tests.
3. Characterization of metal exposure and bioavailability

3.1. Chemical characterization of sediment

Characterizing relationships between toxicity and metal
concentrations requires appropriate methods for sampling and
analysis of metals and other constituents in sediment and pore
water. Analyses of metal concentrations solubilized from sedi-
ments by different chemical extractants can provide a wide range
of information about metal bioavailability. Methods for determina-
tion of true total metal concentrations in sediments, which include
dissolution of residual metals (i.e., metals released during dissolu-
tion of crystalline silicate minerals using hydrofluoric acid;
Filgueiras et al., 2002) are of limited use for characterizing bio-
availability. Measurements of ‘total recoverable’ metals (e.g.,
microwave digestion with nitric acid, hydrochloric acid and/or
hydrogen peroxide) do not recover residual crystalline metals
and often provide a more useful conservative (high) estimate of
potentially bioavailable metals (Brumbaugh et al., 2007). More
elaborate protocols for selective sediment extractions of metals
(Tessier et al., 1984; Filgueiras et al., 2002), which are intended
to quantify metal fractions associated with different chemical
phases (e.g., exchangeable, bound to Fe/Mn oxides, bound to sul-
fides/organic matter, and residual) may also provide useful infor-
mation about metal bioavailability. In a study of the toxicity of
sediments from Lake Roosevelt, a reservoir on the Upper Columbia
River in Washington, total-recoverable metal concentrations had a
weak relationship with toxic effects on midge larvae (Besser et al.,
2008). However, sediments with greater proportions of metals in
labile sediment fractions, determined by selective sediment
extractions (Paulson and Cox, 2007), caused reduced growth of
midge larvae, despite relatively low total-recoverable metal con-
centrations. Although selective sediment extraction protocols are
rarely used in conjunction with sediment toxicity testing, it has
long been recognized that metal concentrations determined from
weak acid extracts (e.g., 1 N HCl) have stronger correlations with
metal bioavailability than do total metal concentrations, although
the strength of these correlations varies among sediment types
(Luoma, 1989).

The ‘equilibrium-partitioning’ approach to characterizing metal
bioavailability is based on simple models of the distribution of
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metals between sediment particles and pore water metals, which
are assumed to be the most bioavailable fraction (Ankley et al.,
1996; USEPA, 2005). The strongest binding component for cationic
metals in many anoxic sediments is acid-volatile sulfide (AVS),
which is operationally defined as the sulfide fraction released by
a 1 N HCl extraction at room temperature (USEPA, 1991;
Brumbaugh and Arms, 1996). The metal fraction released during
the AVS extraction is termed simultaneously extracted metals
(SEM). Because nickel, zinc, cadmium, lead, copper, and silver form
highly-insoluble sulfides, equilibrium models predict that these
metals should bind strongly to available AVS, leaving very low
metal concentrations in pore water. Thus, sediments should be
non-toxic if summed concentrations of these SEM metals (RSEM;
subsequently referred to as SEM) that are less than or equal to
the concentration of AVS (SEM-AVS 6 0), on a molar basis
(DiToro et al., 1992; Ankley et al., 1996). Conversely, if SEM-AVS
is positive, the fraction of SEM metals in excess of the AVS binding
capacity is considered to be ‘potentially bioavailable’, although
these metals may be bound to other sediment components such
as organic matter (Ankley et al., 1996). Several studies have dem-
onstrated the ability of the SEM-AVS approach to explain variation
in metal bioavailability among sediments (DiToro et al., 1992;
USEPA, 2005). A recent study of the toxicity of nickel-spiked sedi-
ments (Besser et al., 2013) found that toxicity values (EC20s) for
Hyalella in eight sediments with a wide range of AVS concentra-
tions were more variable when EC20s were expressed as total-
recoverable Ni than when expressed as SEM-AVS. Toxicity values
expressed as pore-water EC20s were even less variable, consistent
with the hypothesis that pore-water metals are a more direct mea-
sure of metal bioavailability.

3.2. Sampling and characterization of pore water

A wide variety of methods have been used to obtain samples of
pore water for analysis and toxicity testing, include methods based
on suction (e.g., push-point or airstone), pressure, centrifugation,
and passive diffusion samplers or peepers (USEPA, 2001; ASTM
et al., 2010c). Pore-water samples obtained by various methods
have generally been found to be comparable (e.g., Carignan et al.,
1985; Schults et al., 1992), especially if the method includes a fil-
tration step with 0.45 lm or smaller pore diameter. Some methods
(push-point, pressure, and centrifugation) are useful for collection
of relatively large volumes of pore water for toxicity testing or for
analyses that require larger sample volumes. Small-volume peeper
samplers can be deployed directly in toxicity test chambers, allow-
ing in-situ measurement of pore-water metal concentrations in the
field and during toxicity tests (Brumbaugh et al., 2007, 2013).

Estimates of metal bioavailability in pore water may be further
refined by use of specialized samplers or modeling. The ‘diffusion
gradient-thin film’ sampler (DGT; Zhang et al.; 1995) measures
fluxes of labile metals into an ion-exchange resin embedded in
an immobilized membrane, and the sampling matrix can be cut
into sections to allow characterizations of metal fluxes in small-
scale (ca. 1 cm) vertical gradients in the sediment column. Fluxes
estimated by DGT can be used to estimate ambient metal concen-
trations (Brumbaugh et al., 2007). Geochemical modeling of metal
speciation in pore waters allows further characterization of bio-
available metal species (e.g., free metal ions and bioavailable com-
plexes). Centrifuged and filtered pore water samples, DGT samples,
and geochemical models were used to examine relationships
between metal bioavailability of a metal mixture and toxicity in
Viburnum Trend sediments (Brumbaugh et al., 2007; Besser
et al., 2009b). Centrifuged pore water samples indicated similar
concentrations of ‘dissolved’ lead and nickel in three Viburnum
Trend pore waters, but a greater fraction of pore-water Ni was
associated with DGT samplers (Fig. 7). Concentrations of both
dissolved Ni (and modeled Ni2+), but not dissolved Pb or Pb2+, in
pore water were strongly associated with toxic effects in whole-
sediment tests, suggesting that DGT samplers were useful indica-
tors of bioavailable metal fractions (Brumbaugh et al., 2007,
2013; Besser et al., 2009a).

Biotic ligand models (BLM; DiToro et al., 2001; Niyogi and
Wood, 2004) further characterize the toxicity of aqueous metals
in terms of binding of metal ions to ‘biotic ligands’ (metal-binding
sites) on gills or other body surfaces. BLM models characterize
metal binding at biotic ligand sites as affected by binding of com-
peting cations (e.g., H+, Ca2+, Mg2+) and by binding of metal ions to
competing aqueous ligands (e.g., DOC and carbonates). The BLM
approach has been successful for modeling acute metal toxicity
in surface waters (e.g., Fig. 8; Wang et al., 2009), but it has been lit-
tle used to date in sediment toxicity. One limitation to the use of
BLMs for modeling toxicity of metals in pore water is that pore
waters often contain high concentrations of dissolved constituents,
which may fall outside the validated range of BLM models devel-
oped for surface waters.
4. Sediment quality guidelines

4.1. Empirical sediment quality guidelines

Sediment quality guidelines (SQGs; Wenning et al., 2005) are
intended to estimate concentrations of metals or other contami-
nants in sediments that will not cause toxic effects on benthic
invertebrates. Efforts to develop SQGs have utilized broad two
approaches: (1) empirical guidelines, which are based on trends
in large databases of sediment chemistry and biological effects
data, and (2) mechanistic guidelines, which are based on
equilibrium-partitioning models.

Empirical sediment guidelines are based on associations
between the frequency of adverse biological effects (in field and
laboratory studies) and measured concentrations of metals and
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other contaminants (Batley et al., 2005). The most widely used
SQGs were developed by MacDonald et al. (2000), based on a
‘consensus’ of SQG values developed by several different method-
ologies. They defined the Threshold Effects Concentrations (TEC)
as the concentration below which biological effects are not
expected and the Probable Effects Concentration (PEC) as the con-
centration above which biological effects are expected to occur fre-
quently. The primary advantage of PECs (and other empirical SQGs)
is that they are supported by large databases of sediment toxicity
(or alteration of invertebrate communities in community surveys)
paired with measured sediment chemical concentrations. The
main limitations of these databases are that they typically rely
on measurements of total metal concentrations in sediments,
rather than bioavailable fractions, and that observed toxic effects
cannot be attributed to a single contaminant. Thus, the PEC for a
single metal represents some combination of its inherent toxic
potency, its ‘average’ bioavailability, and its ‘average’ contribution
to the toxicity of mixtures of metals and other contaminants at
many sites.

PECs have been widely used for screening sediments based on
measured total metal concentrations. The simplest approach is to
identify which metals exceed PECs and therefore may pose greater
potential for toxicity. The predictive ability of PECs may be
improved by quantifying these exceedances in the form of hazard
quotients or ‘PEC quotients’ (here termed Probable Effect Quotients
or PEQs), which are defined as the measured concentration of a
metal divided by its PEC. PEQs allow comparisons of toxicity haz-
ards among different metals and among sediments. For example,
both sediment toxicity to freshwater mussels and reduced taxa
richness of mussel communities occurred in sediments from the
Old Lead Belt with PEQs for zinc greater than 1.0 (Fig. 9). If it is
assumed that toxicity of metals is roughly additive, PEQs for multi-
ple metals can be added (or averaged) to allow comparisons of
cumulative toxicity hazards of metal mixtures among sites. These
comparisons are probably most informative in local or regional
studies, where controls on bioavailability and relative abundance
of co-occurring metals are more likely to be consistent among sed-
iments. In an analysis of a large dataset of freshwater sediment
toxicity tests with Hyalella (623 tests) and Chironomus (599 tests),
Ingersoll et al. (2001) reported increasing frequencies of toxic
effects in sediments when mean metal PEQs exceeded 0.1 for
amphipods or 0.5 for midges. Recent studies have also reported
Fig. 8. Measured toxicity of aqueous copper to mussels and toxicity predicted by
biotic ligand model (BLM) in various test waters. EC50 = concentration causing 50%
reduction in shell length. Points represent results of single tests or means of
multiple tests (with standard errors). Solid line indicates equal values; dashed lines
indicate differences of a factor of two (Wang et al., 2009).
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Fig. 9. Relationships between sediment zinc concentrations, expressed as probable
effect quotients (PEQs), and adverse effects on freshwater mussels: (a) growth in
laboratory toxicity tests; (b) taxa richness of resident mussel communities. Hollow
symbols indicate reductions relative to reference conditions. (Besser et al., 2009b).
strong relationships between frequency of toxicity to Hyalella
and summed PEQs for Pb, Zn and Cd in sediments from the
Tri-State Mining District (Fig. 10a; MacDonald et al., 2009).

4.2. Equilibrium sediment benchmarks

Equilibrium-partitioning Sediment Benchmarks (ESBs; USEPA,
2005) were developed to provide guidance for interpreting toxicity
hazards from mixtures of nickel, zinc, copper, silver, cadmium, and
lead in pore-water or sediment. The pore-water ESB is based on a
hazard-quotient model of the toxicity of metal mixtures, with
the dissolved concentration of each metal in pore water divided
by its chronic water quality criterion to derive ‘toxic units’ (TU;
also called criteria units). Toxic units for multiple metals are
summed to estimate of the toxicity risk of the mixture, with no
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toxicity predicted if the sum of TUs is less than 1.0, and increasing
toxicity hazards as sums exceed 1.0. This approach assumes that
toxicity of metals is additive, although both greater than additive
and less than additive toxicity have been reported in toxicity tests
with metal mixtures (Spehar and Fiandt, 1986). Predictions of tox-
icity based on pore water toxic units should be relatively reliable
because water quality criteria for metals are based on the exten-
sive literature on the toxicity of metals to many aquatic taxa and
because metal criteria explicitly consider the influence of pore
water characteristics on metal toxicity (e.g., hardness-toxicity
regressions or biotic ligand models; USEPA, 2007b, 2009).
Sediment ESBs (USEPA, 2005) are intended to predict the
distribution of metals between sediment particles (low toxicity)
and pore water (high toxicity). The simplest forms of the sedi-
ment ESBs predict (1) that no metal toxicity should occur if
the molar concentration of AVS is greater than the summed
molar concentration of SEM, and (2) that positive values for
SEM-AVS estimate the potentially bioavailable fraction of sedi-
ment metals. The third form of the sediment ESB refined the
estimate of bioavailable metals by normalizing SEM-AVS to the
organic carbon fraction of the sediment (f oc), expressed as
(SEM-AVS)/f oc. Using this formulation, USEPA (2005) analyzed
a large database of metal-contaminated sediments (metal-spiked
and field-collected) and estimated a 95% upper boundary for
non-toxic sediments of 130 lmol/g oc and a 95% lower boundary
for toxic sediments of 3000 lmol/g oc. Sediments with metal
concentrations between these two values are classified as having
‘uncertain toxicity’.

ESB models attempt to predict the toxicity of metal-contami-
nated sediments by directly measuring metal exposure (e.g., dis-
solved metals in pore water) or by applying simple models of
metal bioavailability (e.g., binding by AVS and organic matter)
on a site-specific basis. Also, both sediment and pore-water ESBs
explicitly model the contribution of metal mixtures to sediment
toxicity. In contrast, empirical SQGs are not site-specific and
SQGs for individual metals are presumably influenced by effects
of co-occurring metals (and other toxicants). However, character-
ization of toxicity hazards using ESB models requires both addi-
tional measurements of metal concentrations in sediment
fractions other than total metals (i.e., SEM or pore water metals)
and additional analyses of physicochemical characteristics of
sediment (AVS and TOC) or pore water (e.g., hardness), com-
pared to empirical SQGs.

The greater sophistication and complexity of sediment ESBs
does not always translate into more accurate predictions of metal
toxicity. In some studies of metal-contaminated habitats, where
metal mixtures and controls on bioavailability are relatively con-
stant among locations, sediment ESBs do not noticeably improve
predictions of metal toxicity over PEQs. For example, toxicity of
sediments from the Tri-State mining district to Hyalella was pre-
dicted equally well by summed PEQs (Fig. 10a) and by ESBs for sed-
iment (Fig. 10b) and pore water (MacDonald et al., 2009). However,
ESB models can prove more robust for explaining differences in
bioavailability across a wide range of conditions. For example, sed-
iments from the Vermont Copper belt included sediments from
acidic sites that were not toxic to invertebrates despite summed
PEQ values as high as 100. However, the ESB index values for these
sediments were less than 3000 lmol/g oc (i.e, in the uncertain-
toxicity range), because a high percentage of metals in these sedi-
ments were not recovered in the SEM fraction (Seal et al., 2010). In
studies of nickel-spiked sediments, normalization of sediment
nickel concentrations to SEM-AVS reduced or eliminated differ-
ences in nickel toxicity values between sediments with wide dif-
ferences of AVS and TOC for several species of invertebrates, but
had lesser effect on toxicity values for burrowing mayflies (Hexage-
nia sp.) (Besser et al., 2013). In sediments with high AVS concentra-
tions, toxicity to Hexagenia occurred in some sediments with
negative values of SEM-AVS, contrary to predictions of the ESB
model. In this case, the apparent failure of the AVS-binding
hypothesis may represent our inability to measure the localized
release of toxic metal concentrations in the microhabitat inhabited
by a benthic organism.

4.3. European environmental quality standards

Regulations guiding development of European environmental
quality standards for metals incorporate elements of both
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empirical and equilibrium-partitioning approaches. Toxicity tests
with spiked sediments and a wide variety of test organisms are
used to estimate a probable no-effect concentration (PNEC), which
is intended to protect sensitive species of benthic organisms under
‘reasonable worst case’ or high-bioavailability conditions
(European Commission, 2011). The PNEC may then be adjusted
to reflect site-specific conditions, using bioavailability models
based on additional testing of spiked sediments with a broad range
of sediment characteristics (Bodar et al., 2005; Besser et al., 2013;
Vangheluwe et al., 2013).
5. Conclusions

Sediment toxicity tests are an invaluable tool for characterizing
biological impacts of metal-contaminated sediments associated
with mining, ore-processing, and smelting. The toxicity of metals
and aquatic sediments reflects both the geochemistry of sediment
and pore water and the biology and behavior of benthic organisms.
Metal bioavailability is often controlled by strong metal-binding
phases such as acid-volatile sulfides and organic matter, which
greatly influence metal concentrations in pore water. The toxicity
of aqueous metals can be reliably modeled in terms of binding of
dissolved metals to ‘biotic ligands’ on the body surface of aquatic
organisms. This framework for understanding bioavailability has
increased the sophistication of sampling and analytical methods
and provided a robust technical basis for sediment quality guide-
lines. Despite this strong technical basis, chemical analyses and
chemistry-based sediment quality guidelines sometimes do not
accurately predict toxic effects of sediments in the laboratory or
in the field.

In contrast, direct assessment of toxicity using whole-
sediment toxicity tests can reliably quantify the responses of
benthic invertebrates to metal-contaminated sediments.
Although laboratory toxicity tests cannot reproduce the com-
plexity of the natural environment, modern test methods allow
us to manipulate several variables affecting metal bioavailability
and toxicity in sediments, including test organism, life stage,
diet, water quality, and water replacement rates. Spiked-
sediment tests give us the additional opportunity to choose the
type of sediment environment to be tested and the specific
metal or metals of interest. Depending on study objectives and
experimental design, toxicity data from sediment tests can be
used to document the extent and severity of toxic effects of
metal contaminated sediments, relative to uncontaminated refer-
ence sites, or to model quantitative relationships between metal
exposure concentrations and toxic effects. When combined with
careful chemical characterization of metal exposure and appro-
priate field validation, sediment toxicity testing provides a pow-
erful tool to document cause-and-effect relationships between
sources of metal contamination and adverse effects on resident
aquatic biota.
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